Abstract-Marine bacterial communities isolated from the water column, sediment, the rock surface, and the green seaweed Ulva compressa were studied in an intertidal ecosystem. The study area included a coastal zone chronically affected by copper mine waste disposals. Bacterial community composition was analyzed by terminal restriction fragment length polymorphism (T-RFLP) of 16S rRNA genes, and multivariate analyses of T-RFLP data sets were used for comparisons. Results showed that diversity and richness indexes were not able to detect differences among compartments. However, comparisons within the same compartment clearly showed that copper enrichment was associated with changes in the composition of the bacterial communities and revealed that the magnitude of the effect depends on the compartment being considered. In this context, communities from sediments appeared as the most affected by copper enrichment. The present study also demonstrated that intertidal bacterial communities were dominated by Gammaproteobacteria, Firmicutes, and Actinobacteria and the changes in these communities were mainly due to changes in their relative abundances.
INTRODUCTION
Copper is a normal component of terrestrial and aquatic ecosystems and is a trace nutrient for all living organisms. However, excess copper (commonly resulting from human activities) has negative effects on the biota. The effect of excess copper on a given ecosystem can be assessed through changes in richness, diversity, and/or community structure. In northern Chile, at and around Chañaral Bay (26Њ15ЈS, 69Њ34ЈW), copper mine wastes discharged for more than 60 years [1] have had direct effects on the biota [2] and have induced changes on the topography of the coast (Fig. 1) , including the formation of tailing beaches [3] [4] [5] . In contrast with other contaminated coastal areas around the world, where the polluting sources are multiple and the pollutants are diverse, in the Chañaral area there are no other anthropogenic wastes (industrial, urban, or agricultural) or natural inputs (rivers or rain runoffs) that could mask the effect of copper as a chronic and dominant pollutant [6] [7] [8] . In fact, chemical profiles of the impacted coastal waters have demonstrated that total dissolved copper (250 nM) is, by far, the most important contaminant in the area and the free ion fraction (5 nM) constitutes one of the highest estimates ever reported in the literature [8] . Because of that, the area has been successfully used as a mesocosm to study, in isolation, the effects of copper on marine benthic communities [2, 9, 10] . In this context, severe changes in diversity of macroscopic benthic species (invertebrates and macroalgae) have been reported in the Chañaral area, including a serious reduction in species richness associated with a major modification in the structure of the intertidal community [2] .
In the coastal areas dominated by rocky beaches, the total number of species decreased to mean values of approximately 35 at the impacted sites as compared to approximately 70 in nonimpacted sites [2] . Decay in the number of species and their relative abundances are accompanied by a replacement of normal communities of macroorganisms by assemblages of opportunistic, copper-tolerant species [2, 10] .
Contrary to the reasonable understanding of the effects of copper enrichments on the marine macrobiota in various parts of the world (reviewed by Medina et al. [2] ) little is known regarding the relationship between microbial communities and copper in coastal marine ecosystems. Most studies addressing the effect of copper on microbial diversity deal with sediments or soils [11, 12] . Among the few studies focused on aquatic microbial communities, Dryden, Gordon, and Donat [13] reported the toxic effect of dissolved fraction of copper on estuarine microbial communities, and these communities responded to copper stress by increasing the production of extracellular compounds. Similarly, Massieux et al. [14] demonstrated that the magnitude of the effects of copper on the structure of bacterial communities, and on their ability to respond to metal-induced stress, was determined by the available fraction of the metal, just as in macroorganisms [15] [16] [17] .
In the present study, we tested the hypothesis that chronic exposure to copper excess leads bacterial communities living in a copper-enriched coastal area to a condition of lower diversity and different structure in comparison to those assemblages present in nonimpacted areas. The terminal restriction fragment length polymorphism (T-RFLP) method was used to avoid the lower representation of species resulting from culture-dependent approaches. We considered copper-mine impacted and nonimpacted sites and included the bacterial assemblages living on rock surfaces, on sediments, and in the water column and epiphytic on Ulva compressa, a macroalga highly tolerant to copper blooming at the impacted sites [2] .
MATERIALS AND METHODS

Study sites
Samples were collected along the rocky intertidal shore in four localities (Fig. 1) , covering 80 km of coastline around Chañaral, in January and May 2005. Zenteno (26Њ54.1ЈS, 70Њ48.5ЈW), 45 km south from the impacted area, and Pan de Azúcar (26Њ08.2ЈS, 70Њ39.3ЈW), 15 km north from the impacted area (Fig. 1) , were defined as control sites because they are located outside the influence of the mine tailings affecting Chañaral Bay [7] . The site at Palito (26Њ15.8ЈS, 70Њ40.6ЈW), on the other hand, is located close (Ͻ200 m) to the current waste discharge point, whereas Achurra (26Њ18.4ЈS, 70Њ39.8ЈW) is closer to the old discharge site, at the northern extreme of Chañaral Bay (Fig. 1) . The topography of the coast and the general pattern of coastal currents result in a fairly homogeneous zone of copper enrichment, which shifts abruptly to normal copper concentrations northward from Cerro Castilla and southward from Caleuche beach (Fig. 1) . In other words, no real gradient of copper concentration is established between the impacted and the control sites [5, 7] .
Sampling
Water samples for copper determination were collected from each site using acid-washed polypropylene bottles (1 L). The bottles were placed in acid-washed Ziploc plastic bags Bacterial communities exposed to copper pollution Environ. Toxicol. Chem. 27, 2008 2241 (Dow Chemical, Midland, MI, USA) and transported in an icebox (4ЊC) to the laboratory. For bacterial profiling of the water column, additional 5-L samples of seawater from each site were collected, prefiltered with 11-m pore size Whatman paper filters (Whatman, Kent, UK), and then filtered through 0.2-m pore size cellulose filters (Millipore, Bedford, MA, USA). The filters, kept in 50 ml of 1 ϫ TBE (89 mM of Tris, 89 mM of boric acid, 2 mM of ethylenetetraaminediacetate, pH 8), were frozen in liquid nitrogen and transported to the laboratory. For bacterial profiling in sediments, 10 g of material were collected from each site using sterile 15-ml plastic Falcon tubes and frozen before transportation. Using a hammer and a chisel, fragments of approximately 20 cm 2 of exposed rock surface were collected from each site and stored in 50-ml sterile plastic Falcon tubes. Composite samples, approximately 20 g (wet wt) of U. compressa fronds, were collected in each site and stored in 50-ml plastic tubes with sterilefiltered seawater. Rock and algal samples were transported in an icebox (4ЊC) to the laboratory.
Determination of dissolved copper concentrations
Before the analysis, water samples were filtered through acid-washed 0.45-m cellulose acetate Millipore membrane filters, using a polycarbonate filter unit, and fixed with 0.5 ml of concentrated nitric acid (pH Ͻ 2) per liter of sample. Subsequently, samples were ultraviolet irradiated for 90 min with a Metrohm 705 ultraviolet digester (Metrohm, Herisau, Switzerland) and buffered to pH 8.3 with 0.5 M of ammonium hydroxide solution. Total dissolved and labile copper concentrations were determined by anodic stripping voltammetry using a Nafion-coated thin mercury film rotating glassy carbon disk electrode with a Autolab Type II voltammetric analyzer (Eco Chemie, Utrecht, The Netherlands), following the methodology described by Andrade, Moffett, and Correa [8] . The detection limit was 0.5 g/L, and accuracy was checked against the reference material TMDA62 provided by the National Water Research Institute (Burlington, ON, Canada). All pretreatment and analyses of seawater samples were conducted at 25ЊC in a class-100 laminar flow bench (FiltroMet, Model 24301, Santiago, Chile).
DNA extraction
For bacterial profiling of the water column, filters containing microbial filtrates were sonicated in 20 ml of 1 ϫ TBE buffer in an ultrasound bath (Tru-Sweep, 50/60 Hz, Crest, NJ, USA) for 10 min. The liquid was then collected in sterile 50-ml polycarbonate centrifuge tubes (Nalgene, Rochester, NY, USA). The liquid was centrifuged for 15 min at 18,000 g, and the pellet was resuspended in 200 l of 1 ϫ TBE buffer. A modified version of the method for DNA extraction described by Ausubel et al. [18] was used. Briefly, 400 l of cetyl trimethylammonium bromide solution (1%, 0.75 M of NaCl, 50 mM of Tris, 10 mM of ethylenediaminetetraacetate, pH 8) and 3 l of proteinase K (100 g/ml) were added and the mixture was incubated at 60ЊC for 1 h. After addition of 2% sodium dodecylsulfate, the mixture was incubated for an additional hour at 60ЊC, extracted three times with 1 ml of phenol-chloroform-isoamyl alcohol (25:24:1), and centrifuged at 18,000 g for 1 min to recover the aqueous phase. Phenol was removed by extraction with 1 ml of chloroform and centrifugation at 18,000 g for 1 min. Total community DNA from the aqueous phase was precipitated with 1.5 volumes of ethanol and left overnight at Ϫ20ЊC. Pellets were collected by centrifugation at 18,000 g for 30 min, washed with 70% ethanol, centrifuged for 15 min at 18,000 g, vacuum dried and resuspended in 50 l of sterile Milli-Q water (Millipore). Rock samples were sonicated in 20 ml of 1 ϫ TBE buffer in the same plastic tubes used for transport and processed with the same protocol described earlier. For sediment, UltraClean Soil DNA isolation kits (Mo Bio Laboratories, Solana Beach, CA, USA) were used to extract the total community DNA from 1 g of sample, according to the protocol provided by the manufacturer. Algal samples were sonicated for 15 min in 500-ml Schott glass bottles (Mainz, Germany) containing 100 ml of 1 ϫ TBE buffer. Under these conditions, the algal structure remained intact as judged by transmission electron microscopy. The sonicated product was centrifuged at 18,000 g for 10 min, and the pellet was used for total community DNA extraction using the kit described earlier. The DNA quality was verified by 1% agarose gel electrophoresis, and DNA concentration was determined with a Nano-Drop spectrophotometer (NanoDrop Technologies, Wilmington, DE, USA). All DNA preparations were stored at Ϫ20ЊC before analysis.
T-RFLP analyses
Oligonucleotide primers designed for detection of bacterial 16S rRNA genes, 8F (5Ј-AGA GTT TGA TCC TGG CTC AG-3Ј) and 1392R (5Ј-ACG GGC GGT GTG TAC-3Ј), were used for the amplification of rRNA genes [19] . Primer 8F was labeled at the 5Ј end with the phenyl-1,4-dichloro-6-carboxyfluorescein fluorochrome. The reaction mixture contained 1.25 U of Taq polymerase, 0.2 M of each primer, 0.2 mM of each deoxynucleotide triphosphate, 50 ng/l of bovine seroalbumin, 3 mM of MgCl 2 , and similar amounts of DNA template. Polymerase chain reactions were run in a Perkin-Elmer 2400 thermal cycler (Waltham, Massachusetts, USA). Polymerase chain reaction conditions were 94ЊC for 5 min, 25 cycles of 94ЊC for 45 s, 56ЊC of annealing temperature for 45 s and 72ЊC for 2 min, and a final extension step of 72ЊC for 7 min. Polymerase chain reaction products were visualized by electrophoresis on 1% agarose gels stained with ethidium bromide. Each product was digested with 20 U of MspI or HhaI in a total volume of 20 l at 37ЊC for 3 h. Digested products for T-RFLP analysis were mixed with 5 M of sodium acetate, pH 5.2 (0.1 vol), and ethanol (2.5 vol); incubated for 1 h at Ϫ80ЊC to precipitate DNA; centrifuged for 15 min at 20,000 g at a low temperature; washed with 70% (v/v) ethanol; and vacuum dried. A total of 40 ng of digestion product from each sample was analyzed, DNA fragments were separated by capillary electrophoresis using a Perkin-Elmer ABI Prism 310 sequencer, and fragment size was determined using the internal standard ROX 1000 (Applied Biosystems, Foster, California, USA) as reference.
T-RFLP data handling and statistical analyses
Raw data sets consisted of peaks reflecting the size of terminal restriction fragments (T-RFs), measured in base pairs, and the area of each peak measured in fluorescence units. Terminal restriction fragments from 50 to 700 bp were included in the analyses, and those representing less than 0.5% of the total area were excluded [20] . Richness (R) was calculated as the total T-RFs in each sample. Diversity (HЈ) was calculated by the Shannon-Weaver index with the formula HЈ ϭ ⌺ p i · ln( p i ) [21] , where p is the proportion of an individual T-RF area relative to the sum of all T-RFs areas for each sample. Evenness (E) values were calculated with the formula Environ. Toxicol. Chem. 27, 2008 A.C. Morán et al. E ϭ HЈ/ln(R) [21] . Analysis of variance was used to compare these indexes, followed by post hoc Tuckey's tests. The T-RF areas were analyzed with the multivariate statistical software Primer 5 (Primer-E, Plymouth, UK), and nonmetric multidimensional scaling analyses were used to group data according to their similarity as described by Clarke [22] and Rees et al. [23] . Analyses of similarity were done to examine the statistical significance of grouping [22, 23] . The output statistic, R values for pairwise comparisons among groups, ranges from zero when there is no separation of the community structure due to the factor analyzed to one when total separation takes place [22] . This statistic allows a hierarchy of the factors under study to be established by sorting them according to the R values as follows: R Ͼ 0.5 accounts for high differences, whereas differences between 0.25 and 0.5 are considered moderate. The T-RFLP phylogenetic assignment tool [24] was used to make taxonomic filiations of T-RFs with bacterial phyla. Therefore, MspI-T-RFLP peaks were used to calculate the relative abundance of each group by assigning a fraction of the area of the peak to each possible bacterial phylum or class matching a particular fragment length. A test for similarity of percentages was used to calculate the contribution of individual T-RFs to the similarity and dissimilarity among samples [25] .
RESULTS
Dissolved copper concentrations
Our results indicate that copper levels varied among sites (Table 1) . Achurra and Palito, the two sites chronically exposed to the copper mine wastes, displayed values of total dissolved copper an order of magnitude higher than the values of the controls (Zenteno and Pan de Azúcar; Table 1 , Fig. 1 ). Furthermore, values at the impacted sites were strongly influenced by the current wastes discharges, which resulted in the highestrecorded concentrations in Palito, the site near the mixing zone at the discharge point (Table 1) . More importantly, levels of anodic stripping voltammetry-labile copper (the bioavailable fraction) at the control sites were close to 1 nM, whereas at the impacted sites the same fraction was one to two orders of magnitude higher (Table 1) .
T-RFLP profiles in impacted and control sites
Differences in bacterial richness, diversity, and evenness, determined from the T-RFLP profiles, between control and impacted sites were not significant (data not shown). In spite of this lack of significant differences in the preceding indicators, MspI profiles revealed that, for every compartment analyzed, similarity was higher between impacted sites than between these and the controls. The observed pattern was due to the differences in relative abundances of some T-RFs rather than the exclusive presence of specific T-RFs. For example, fragment 499 represents 4.6% of the total bacterial community in control seawater. However, the same fragment corresponds to 8.1% in the impacted zones. For rock surfaces, fragment 507 represents 15.9% of the total bacterial communities from controls while from impacted sites it represented 6.9%. The same pattern was observed in sediment and Ulva. Furthermore, similar trends were observed for HhaI profiles. Specifically, differences in bacterial profile of seawater were mainly due to changes in relative abundances of the T-RFs 499, 167, 492, 443, 89, 94, and 91 (listed from higher to lower contribution). Differences in bacteria from rock surfaces were due to T-RFs 495, 507, 494, 496, 491, 498, and 503. In sediments, the main fragments contributing to the differences were T-RFs 494, 493, 496, 491, 499, 490, and 470. Ulva was the compartment with the lowest detected number of T-RFs, considering both control and impacted sites, and those responsible for the differences between impacted and control sites were fragments 497, 491, 172, 507, 85, 441, and 496. A summary of the specific contribution of each T-RF to the overall dissimilarity between groups within each compartment is displayed in Table 2 . The same trends were observed with HhaI T-RFs profiles (data not shown). 
Structure of bacterial communities
Nonmetric multidimensional scaling analyses and analyses of similarity were conducted on T-RFLP data to assess the effect of copper enrichment on the structure of the bacterial communities in each compartment (Fig. 2) . The structure of the bacterial communities present in the water column ( Fig.  2A and B) was affected by origin (copper-enriched vs controls) and time of the year (January vs May). In all other compartments, the condition of copper enrichment was a clear factor in determining the community structure of the bacterial assemblages. Thus, bacteria living on rock surfaces (Fig. 2C and D) and on Ulva (Fig. 2G and H) from the copper-enriched sites were significantly different from those recorded in the controls, both in January and in May. Similarly, bacterial communities living in sediments (Fig. 2E and F) of copper-enriched sites displayed a structure significantly different from that recorded in the controls, both in January and in May. Finally, a geographic effect on the structure of the bacterial communities was not observed when northern and southern control sites were compared for each of the compartments under study.
Taxonomic assignment for 16S rRNA bacterial T-RFs
Taxonomic profiles were obtained by assigning T-RFLP signals to different bacterial phyla and classes (data not shown). The most abundant taxonomic groups detected in all compartments belong to Proteobacteria, particularly ␥-proteobacteria, Firmicutes, and Actinobacteria. Significant differences in the taxonomic composition of the compartments were obtained for all pairwise comparisons. The highest differences were observed when rock or algae and sediment or water compartments were compared. The ␥-proteobacteria was the major group determining the differences between benthic and planktonic compartments (data not shown).
DISCUSSION
Our results showed that total dissolved copper in Palito and Achurra was 10 to 17 times higher than that from the nonimpacted sites (Pan de Azúcar and Zenteno), demonstrating that this metal remains as an important pollutant associated with the historical copper mine waste disposals around Chañ-aral Bay. Differences in copper levels between control and impacted sites recorded in the present study were even higher than those reported during 2002 and 2003 for the same area, when total dissolved copper was only three to four times higher than that from the nonimpacted sites [2, 7] . In addition, it is clear that the labile fraction of copper is by far a better predictor of the potential effect of the metal on the biota [7, [15] [16] [17] . In this context, the sites under the influence of the mine wastes included in this study displayed labile copper levels 23 to 150 times higher than those at the control sites. This pattern of speciation strongly suggests that copper is more readily available, and therefore more likely to become toxic to organisms, around the discharge sites than at the control sites. Such a condition is supported by the toxic effects on microalgae exposed to seawater from the Chañaral area reported by Stauber et al. [7] .
Recent ecological studies around Chañ aral Bay have demonstrated that excess of copper is the main factor affecting the structure of benthic intertidal and meiofaunal communities, causing dramatic reductions in their richness and evenness [2, 6, 9, 10, 26] . In this context, the present study also showed that chronic copper enrichment has important effects on the bacterial assemblages occurring in the coastal area around Chañaral. The main finding is that the structure of the bacterial assemblages appeared modified at the copper-enriched sites, and the magnitude of that modification was determined by the type of compartment. However, it is important to mention that standard ecological indexes, such as richness, evenness, and diversity, commonly used for community ecology studies of the macrobiota were inadequate to detect the effects of copper enrichment. Our results are in agreement with recent studies using culture-independent techniques (denaturing gradient gel electrophoresis, clone libraries, and T-RFLP), which found that significant effects of copper enrichments on the structure of microbial communities were accompanied by only minor effects on diversity [14, 27, 28] .
In the present study, the strongest effect of copper on the bacterial community structure was seen in the assemblages living in the sediment. This is consistent with reports demonstrating that copper concentration in porewater of the area is approximately 10 times higher than in the water column [6] . This factor likely imposes higher toxic and regulatory pressure on the microbial communities inhabiting that compartment in a way similar to its effect on the meiofauna structure [6] . In the water column, although the magnitude of the changes in microbial community structure varied temporarily, the most significant changes took place in May 2005, when copper concentration was higher. Differences in community structure of epilithic bacteria from impacted and nonimpacted sites were lower than those observed for sediment and seawater. The lower magnitude of the changes at the community level in epilithic bacteria in comparison to bacteria in the water column may result from the documented higher copper tolerance of biofilms, as compared to planktonic bacteria [29] . Similar to the rock compartment, the effect of copper enrichment on bacterial communities epiphytic on U. compressa was moderate. Algal substrata have several features important to be considered when the associated epiphytic bacterial assemblages are studied. One is the highly dynamic nature of their surfaces due to the constant shedding of the cuticle [30] , which results in a constant renewal of the epiphytic communities. The other feature is that cortical algal cells are metabolically active and known to produce an array of exudates with metal-binding, algicide, or antibiotic properties [31] [32] [33] . Certainly, those metal binding substances are likely to have an important role attenuating the toxicity of copper or any other metal on the alga itself [16] and on epiphytic bacteria. It also has been reported that bacteria isolated from seaweed surfaces produce antimicrobial metabolites [34] and antifouling compounds [35] , a condition that could result in competitive exclusion of some taxa. Finally, when grown in a condition of copper excess, it has been demonstrated that U. compressa undergoes oxidative bursts and activates its antioxidant defenses [36] . Thus, it is hypothesized that bacteria adapted to this particular habitat may represent a specific association, influenced mainly by the characteristics of the algae itself and not by the surrounding water. These would explain the lower dissimilarity of U. compressa epiphytic communities (51%) compared to that estimated for all abiotic compartments (ϳ70%).
Habit is another aspect to be considered when assessing how bacterial communities from different compartments change due to an external disruptive factor. In the case of the group assignments reported here, aggregated-attached versus free-living habits also seem to play an important role in modulating diversity, as suggested by the higher proportion of ␥-proteobacteria in aggregated-attached bacterial assemblages than in free-living bacteria. Our results are consistent with previous reports, where attached communities were dominated by ␥-proteobacteria [37] [38] , that reported a difference in species diversity of attached and free-living bacteria in the same compartment.
Finally, and from a more general perspective, the present study shows that direct comparison of integrative and ecologically relevant traits, such as species richness and diversity, between impacted and pristine areas must be done with caution. Following the hypothesis proposed here, diversity was not affected by chronic exposure to copper enrichment of the coast. However, the structure of bacterial communities was modified in all studied compartments when copper levels were higher than normal.
